Abstract The use of land for intensive arable production in Europe is associated with a range of externalities that typically impose costs on third parties. The introduction of trees in arable systems can potentially be used to reduce these costs. This paper assesses the profitability and environmental externalities of a silvoarable agroforestry system, and compares this with the profitability and environmental externalities from an arable system and a forestry system. A silvoarable experimental plot of poplar trees planted in 1992 in Bedfordshire, Eastern England, was used as a case study. The Yield-SAFE model was used to simulate the growth and yields of the silvoarable, arable, and forestry land uses along with the associated environmental externalities, including carbon sequestration, greenhouse gas emissions, nitrogen and phosphorus surplus, and soil erosion losses by water. The Farm-SAFE model was then used to quantify the monetary value of these effects. The study assesses both the financial profitability from a farmer perspective and the economic benefit from a societal perspective. The arable option was the most financially profitable system followed by the silvoarable system and forestry. However, when the environmental externalities were included, silvoarable agroforestry provided the greatest benefit. This suggests that the appropriate integration of trees in arable land can provide greater well-being benefits to society overall, than arable farming without trees, or forestry systems on their own.
Introduction
The objectives of the EU Common Agricultural Policy are to ensure: (i) viable food production, (ii) balanced territorial development, and (iii) sustainable management of natural resources, with a focus on greenhouse gas emissions, biodiversity, soil and water (Article 110 in EU 2013) . Silvoarable agroforestry (the integration of trees and/or shrubs with arable production) is a land use that could help achieve these objectives.
Over recent decades, many agricultural systems in Europe have been simplified through intensification and mechanisation in order to reduce management cost and labour (Dupraz et al. 2005; Burgess and Morris 2009 ), whilst at the same time becoming increasingly reliant on external inputs such as fuel, nutrients, pesticides, and machinery ). These systems have enabled the competitive production of high quantities of safe and low cost food for consumers without the need to expand the area of agricultural land. However, many systems have resulted in significant negative environmental costs that are borne by society as a whole, rather than individual producers or consumers. These costs, or externalities, include water pollution (leaching and runoff of nitrogen, phosphorus and pesticides), soil degradation (e.g. erosion, compaction and loss of soil organic matter and soil biodiversity), and greenhouse gas (GHG) emissions such as CO 2 , CH 4 and N 2 O. These environmental externalities are rarely accounted for in the profitability analysis of agricultural systems, because they usually have no market value.
Past research has found that environmental externalities from arable systems can be reduced by the appropriate integration of trees, which provide a means of mitigating climate change through carbon sequestration (e.g. Nair 2011; Upson and Burgess 2013) , reducing soil degradation (e.g. Graves et al. 2015) , and reducing adverse impacts on water quality from agrochemical use (e.g. Palma et al. 2007 ). However, whilst planting trees on arable land can help reduce environmental externalities, the uptake of silvoarable agroforestry remains relatively slow. This could be a result of the cost of tree planting and management reducing immediate profitability, and the uncertainty regarding the long-term financial benefits from harvesting mature trees. In the EU, efforts have been made to promote adoption of silvoarable systems through policy (Rural Development Measure 222 and Rural Development Measure 8.2) and projects such as SAFE (Dupraz et al. 2005) and AGFORWARD (Burgess et al. 2015) have been funded to provide scientific guidance on the costs and benefits of implementing silvoarable systems across Europe.
For long rotation systems such as agroforestry and forestry, modelling becomes essential. In recent years various biophysical models such as Hi-sAFe (Dupraz et al. 2004) , SCUAF (Young et al. 1998), WaNuLCAS (van Noordwijk and Lusiana 1999) , and Yield-SAFE ( Van der Werf et al. 2007 ) have been developed to simulate the growth and interaction of trees and crops in silvoarable systems. Some economic models have also been developed to assess the financial profitability of silvoarable systems. These for example, include POPMOD (Thomas 1991) , ARBUSTRA (Liagre 1997) , and Farm-SAFE (Graves et al. 2011) .
On the SAFE project, the Farm-SAFE model (Graves et al. 2011 ) was developed to use Yield-SAFE tree and crop growth data for financial analyses of arable, silvoarable and forestry land uses. More recently on the AGFORWARD project, Yield-SAFE has been adapted to quantify selected environmental externalities of arable, silvoarable and forestry land uses, whilst Farm-SAFE has been adapted to use these data in order to assess both financial profitability from a farmer perspective and economic profitability from a societal perspective. Using the adapted Farm-SAFE model, this paper evaluates and compares the biophysical development, financial profitability, and social impact of environmental externalities for arable, forestry, and silvoarable poplar systems to provide a more complete assessment of the economic benefits and costs of these land uses.
Methods and data
The methodological framework of this study is separated into five stages: (i) simulation of the biophysical growth of trees and crops for an experimental-plot case study, (ii) assessment of financial performance, (iii) quantification of the environmental externalities, (iv) conversion of the environmental externalities into monetary terms, and (v) assessment of full economic performance through inclusion of the environmental externalities in the analysis.
Bedfordshire case study
The case study is based on an experiment in Silsoe in Bedfordshire, Eastern England comprising 2.5 ha of silvoarable (poplar ? cultivated crops) and forestry (poplar ? fallow land) treatments surrounded by one hectare of conventionally cropped arable land ). The site is located in a relatively flat area at 59 m above mean sea level. The mean soil texture is 55% clay, 26% silt, and 19% sand. Annual rainfall ranges from 410 to 867 mm and mean annual temperature from 9.1 to 11.3°C.
Four poplar hybrid varieties, including Beaupré (Populus trichocarpa 9 P. deltoides), were planted in 1992. The four hybrids were planted at a spacing of 6.4 m in a North-South orientation along rows spaced 10 m apart. This work only modelled the Beaupré poplar hybrid. Tree height and diameter at breast height were measured at intervals until 2011, when the poplars were harvested, 19 years after planting, because the experimental site was sold for housing development.
Biophysical simulation
Because poor management led to crop failure in some years, a standardised crop rotation of winter wheat, winter wheat, spring barley and oilseed rape was assumed for the financial and economic analysis. The crop yields and the tree growth were simulated using the Yield-SAFE biophysical model ) calibrated using the tree growth of the Beaupré hybrid and the relative crop yields obtained in the silvoarable system relative to the arable control . Daily climatic data were retrieved from CliPick (Palma 2015) . In this way, crop and tree growth simulations were derived for three systems: (i) a control arable system, (ii) a silvoarable system (Beaupré at a density of 156 trees per hectare and arable cropping for 14 years), and (iii) a forestry system (Beaupré at a density of 156 trees per hectare). The length of the tree rotation was specified as 30 years.
The modelled mean control crop yields of 9.06, 8.51, 6.70 and 3.49 ton ha -1 for winter wheat first year, winter wheat second year, spring barley and oilseed rape respectively are similar to mean yields reported for the UK by Agro Business Consultants (2015) (Fig. 1a) which were used for the model calibration in the arable system. The simulated crop yields in the silvoarable system (Fig. 1b) declined as the tree canopy expanded, with the final crop grown 14 years after tree planting (i.e. 3 years longer than achieved in practice). In the silvoarable system, 91% of the area was occupied by the crop component and 9% of the area by the tree rows.
Financial analysis
The financial performance of arable, forestry and silvoarable system was assessed using Farm-SAFE (Graves et al. 2011) on the basis of the annual net margins per hectare. The net margin was calculated as revenues from harvested products (grain, straw, timber and firewood) and grants minus variable costs (e.g. crop seed, tree planting, fertiliser, crop and tree protection, pruning, thinning, cutting and other costs) and assignable fixed costs (e.g. installation and repairs of infrastructure, fuel and energy, machinery, insurance and labour and rented machinery costs).
Because people generally prefer to receive goods and services in the present rather than the future, revenues and costs were discounted and converted into financial net present values (NPV F : € ha -1 ), denoted using Eq. 1:
where R t , VC t , and FC t were respectively revenue, variable costs, and assignable fixed costs in year t (€ ha -1 ), i was the discount rate, and n was the time horizon for the analysis. A discount rate of 4% was chosen, as this is marginally above the discount rate of 3.5% used by the UK Government for cost-benefit analysis in ecological restoration projects (HM Treasury 2003) .
The financial profits of the different systems were compared in terms of a financial equivalent annual value (EAV F : € ha -1 year -1 ) using Eq. 2:
Financial data (Table 1 ) related to the crops were obtained from a 2015 farm management handbook (Agro Business Consultants 2015), e.g. a wheat grain price of £125 t -1 . The assumed crop prices were then assumed for the full rotation cycle. The grant receipts were based on the Basic Payment Scheme (BPS) for lowlands in England (235 € ha -1 y -1 ) also in 2016. Table 2 shows the summary of costs for the tree component in the silvoarable and restry system. The silvicultural management and the associated costs and labour inputs were derived from the experimental plot in the Bedfordshire case study. The woodland planting grant was considered only for the forestry system which as a wide-spaced broadleaved system was eligible for support [1888. 
where Emi.CO 2 e t was the total emitted GHG (t CO 2 e ha -1 y -1 ) in year t, and other factors included the emissions from the manufacture of field machinery (M m ), fertiliser (M f ) and pesticides (M p ) and the emissions associated with the fuel used for field operations (F). For the arable system and silvoarable intercrop area, machinery operations included cultivation, agrochemical application, harvesting and baling. In the forestry system and the tree component of the silvoarable system, the machinery operations included site preparation (ground preparation, full weeding, marking out, planting, tree protection and grass sward establishment), agrochemical application (localised weeding) and harvesting (pruning, epicormics removal, grass sward maintenance and clear fellin. Nursery costs were not included. The GHG emissions of the silvoarable system were calculated by Includes costs relating to fuel and repairs, machinery, interest on working capital, installation, rent and other fixed costs adding the GHG emissions of the intercrop area and the tree component area together. Emissions from manufacture of machinery were based on a per hectare utilisation rate calculated from the estimated life expectancy of the machinery (Nix 2014) . Emissions from manufacturing field diesel, fertiliser, and pesticides were calculated from the per hectare quantities used. Emissions to the atmosphere from field diesel, fertiliser, and pesticides were also traced back to the quantities used.
A 'cradle-to-field gate' approach was applied i.e. emissions associated with grain drying, crop storage and downstream processing were excluded. The construction of farm infrastructure was also excluded. The GHG emissions from land-use change were not included.
Aboveground-biomass carbon sequestration
Estimates for aboveground carbon sequestration were obtained from the simulated tree growth. It was assumed that the carbon sequestered by the arable crops and tree branches would be quickly lost to the atmosphere after harvest and hence they were excluded from the analysis. Equation 4 was used to convert the simulated biomass into carbon dioxide equivalent sequestration (t CO 2 e ha -1 y -1 ):
Seq:CO 2 e t ¼ 0:50b timber;t Â Atomic weight CO 2 Atomic weight C ð4Þ
where Seq.CO 2 e t was the sequestered carbon dioxide equivalent (t CO 2 e ha -1 y -1 ) in time t, where 0.50 was assumed to be the carbon content of dry timber (Nair 2011) , b timber was the annual increment in timber mass on a dry weight basis, and the final component converts carbon to a carbon dioxide equivalent.
Soil erosion losses by water
The Revised Universal Soil Loss Equation (RUSLE) was used in Farm-SAFE to calculate the annual soil loss by water (Eq. 5):
where A t was the estimated average soil loss in year t (t ha -1 y -1 ), R is the rainfall-runoff erosivity factor, K is soil erodibility, L is slope length, S is slope steepness, C relates to cover-management, and P relates to support practice that reduces the erosion potential of runoff. The values for R, K, L and S, determined by climatic, soil and topographic characteristics, were obtained from the European Soil Data Centre (ESDAC) database for the geographical location of the Bedfordshire case study (see Panagos et al. 2014 Panagos et al. , 2015a .
In order to compare soil erosion losses between arable, forestry, and silvoarab systems in the same geographical location, the dynamic change in the cover-management factor (C t ) in year t was calculated for each system drawing on Palma et al. (2007) using Eq. 6:
where Cov crop,t was the proportion of cropped land in year t, C crop was the cover-management factor of the crop component, Cov tree,t was the proportion of land under the tree component in year t, and C tree was the cover-management factor of the tree component. A common value for the P factor, among the three land uses, was obtained from the ESDAC database (Panagos et al. 2015c ). This approach was a development of the approach reported by Palma et al. (2007) . In Palma et al. (2007) , the land cover proportion of the crop and tree component were static (time-invariant), whereas our approach considered the change in land cover proportions, and hence the decrease in cover-management factor, as the tree grows.
Nitrogen surplus
The nitrogen surplus (N sur; kg N ha
) in year t of the different land use systems was calculated using the approach of Palma et al. (2007) and Feldwisch et al. (1998) (Eq. 7):
where N fert was the addition of N fertiliser, N adep was the atmospheric deposition, N fix was the biotic N fixation, N min was the mineralisation, D was the denitrification, V was the volatilisation, U was the crop and tree uptake, and I was the immobilisation. Annual nitrogen fertilisation (N fert ) for winter wheat, spring barley and oilseed rape was assumed to be 175, 145 and 200 kg N ha -1 respectively (Agro Business Consultants 2015). N atmospheric deposition (NA dep ) was estimated by summing values of deposition of oxidized and reduced nitrogen from EMEP (2003). Since there was no legume crop, N fixation (N fix ) was assumed to be 1 kg N ha -1 y -1 for nonsymbiotic organisms (Wild 1993) . N mineralisation (N min ) and immobilisation (I) were assumed to reach a long-term steady state equilibrium where the quantity of mineral nitrogen released by the soil would be equal to the quantity annually returned to the soil in the form of organic matter (Vlek et al. 1981; Noy-Meir and Harpaz 1977) . Denitrification (D) was assumed to be 30 kg N ha -1 y -1 ). Since organic fertilisation was not considered, nitrogen volatilisation (V) was assumed to be derived from mineral N application. Following van Keulen et al. (2000) it was estimated as 5% of N fert . Nitrogen uptake (U) was estimated as:
where Y c was the harvested crop yield, Y max was the maximum harvested crop yield (kg ha -1 y -1 ), b t was the increment in above-ground tree biomass (kg ha -1 y -1 ), a was a unit-less coefficient dependant on the biomass of the crop residue and the harvested product (Eq. 9), and k was a unit-less coefficient used to derive tree nitrogen uptake from b t (Eq. 10). The a coefficient was given as:
where NC c and NC r were the N content in the crop grain and straw, respectively (a content of 1 and 0.4% N in the grain and residue was assumed (van Keulen and Wilf 1986)), and Y r was the residue yield (kg ha -1 y -1 ). The k coefficient was given as:
where C tab and C tbg were the N content in the aboveground and belowground tree biomass, respectively. A content of 0.66 and 0.41% concentration of N in the tree above ground and below ground biomass respectively was assumed (Gifford 2000a, b) . RSR was the root to shoot ratio of the tree (unit-less). A root to shoot ratio of 0.25 for broadleaved tree species was assumed (IPCC 1996) .
Phosphorus surplus
Aapproach similar to N was used to measure phosphorus surplus (P sur ; kg P 2 O 5 ha -1 y -1 ). Equation 11 shows the P inputs and outputs considered in the analysis to estimate differences among land-use systems:
where P fert was the addition of P 2 O 5 fertiliser, PA dep was the atmospheric deposition and U is the crop and tree uptake (all units in kg P 2 O 5 ha -1 y -1 ). Phosphorus fertilisation (P fert ) for winter wheat, spring barley and oilseed rape was assumed to be 60, 55 and 55 kg P 2 O 5 ha -1 y -1 , respectively (Agro Business Consultants 2015). Atmospheric deposition (PA dep ) was assumed to be 0.33 kg P ha -1 y -1 (Tipping et al. 2014) . The same equations as in N were used to calculate P 2 O 5 uptake. A content of 0.25 and 0.2% P in the grain and residue respectively was assumed (Sandaña and Pinochet 2014) . A content of 0.04% concentration of P in the tree biomass was assumed (Ovington and Madgwick 1958).
Valuation of the environmental externalities
The environmental externalities were converted into monetary terms using the benefit transfer method which estimates economic values for a study site by transferring available data from previous studies undertaken in another location (Johnston et al. 2015) . The valuation of CO 2 e was based on a value of €7.8 (t CO 2 e) -1 currently received by farmers planting woodland in the UK (UK Forestry Commission 2015). Although the Department for Energy and Climate Change (DECC 2009 (DECC , 2012 predicts that these values will increase over time up to €233 (t CO 2 e) -1 at some stage between 2015 and 2045), the current value was used in this study, reflecting a conservative long-term valuation of CO 2 e.
Using Graves et al. (2015) the valuation of soil erosion losses was based on the annual off-site cost of dredging of water courses. In this, Jacobs (2008) estimated an annual off-site cost of dredging water courses in England and Wales of €12.9 million with an agricultural apportionment of 95%, giving a total cost (adjusted to 2009 prices) of €12.2 million. As Anthony et al. (2009) reported a sediment load of 1.9 million t yr -1 a unit cost of removal of around €6.41 t -1 sediment was estimated. The value for the N surplus was based on the costs of nitrate removal from freshwater. For the purposes of this study we assumed that, over a long period, the rate of nitrate leaching would be similar to the nitrogen surplus, and that water draining from the site is used for drinking water. Oxera (2006) estimated the upper and lower bound of the cost of nitrate removal to two different water work sizes, expressed as population equivalents (PE). This study selected the more conservative estimate (PE [ 100,000) which was given as €1.9 kg NO 3 -(€8.4 kg N) removed from freshwater. The same cost-based approach used for N surplus was used to value P surplus. Again it was assumed that, over a long period, the rate of phosphorus loss would be equivalent to the phosphorus surplus. Using the costs associated with chemical dosing under new phosphate treatment standards (Ofwat 2005), the standard estimate for large works (PE [ 80,000) was equivalent to €5.2 kg P (€1.14 kg P 2 O 5 ) (Ofwat 2005).
Economic analysis
Whilst the financial analysis aimed to show plot-level profitability from a farmer perspective the economic analysis attempted to assess plot-level profitability from a societal perspective. The economic analysis built upon the NPV F (see Eq. 1) and included benefits and costs from the five environmental externalities converted into monetary terms (EE t ) in each year t. The NPV for the economic appraisal (NPV E ) was denoted as:
where j was the assumed discount rate for environmental costs and benefits (here assumed to be 4% as in the financial analysis). From the NPV E , the economic EAV was calculated as in Eq. 2.
Results

Biophysical simulation
As described in the method, the average yields in the control arable system were calibrated to match the mean values from the literature for winter wheat, spring barley and oilseed rape in south-eastern England ( Fig. 1a) (Agro Business Consultants 2015). In the silvoarable system, crop yields (expressed per cropped area) were firstly modelled assuming intercropping for all 30 years of the tree rotation (Fig. 1b) . However from year 15 onwards, the financial analysis showed that the crop component of the silvorable system was no longer profitable due to yield reductions caused by tree competition for water and sunlight. A range of options exist in Farm-SAFE for calculating how long the intercrop rotation should be planted. Here, the year when intercropping was determined to be no longer profitable was calculated by selecting options to identify the first year in which a 5-year moving average of the net margin without grants would become zero or less. During the first 14 years, the mean winter wheat, spring barley and oilseed rape were 7.76, 6.13, and 3.16 t ha -1 respectively. These represented mean yield reductions of 15, 26 and 6% respectively compared to the mean yield of the arable plot.
The observed and modelled tree diameter and height, showed that overall tree diameter and height in the forestry system (Fig. 2a) was higher than in the silvoarable system (Fig. 2b) . The number of trees per hectare was the same for both systems. Over the 30 years, it was estimated that 1.28 ha of separate forestry and arable systems would be needed to produce the crop and timber yields obtained in the silvoarable system. The land equivalent ratio (1.28) was calculated as the sum of the crop production ratio (total crop production in the silvoarable system (t ha -1 ) divided by the total crop production in the arable system (t ha -1 ); Ratio crop = 0.42) and the timber production ratio (timber production in the silvoarable system (m 3 ha -1 ) divided by timber production in the forestry system (m 3 ha -1 ); Ratio timber = 0.85).
Financial analysis
The biophysical simulation was used to provide the yield data for assessment of the financial profitability of the arable, forestry, and silvorable system, with grants ( Fig. 3a) and without grants (Fig. 3b) . Figure 3 shows the discounted financial cumulative net margin of the three land-uses. The cumulative net margin in year 30 indicates the NPV F . In both analyses with and without grants, the arable system was the most profitable landuse (NPV F without grants = 5444 € ha ) and the forestry system (NPV F without grants = 1068 € ha -1 ). As forestry grants were lower than in the other land uses, the difference in profitability was reduced relative to arable and silvoarable land uses, when excluding grants in the analysis. In the silvoarable system, the cumulative net margin did not substantially increase between years 12 and 29. This was because as the trees developed, the yield and profitability of the crop component decreased, and after year 14, cultivating the crop component was no longer profitable.
Environmental externalities
The environmental externalities assessed in this study were modelled for all three systems. The overall GHG emissions for the arable system were higher than for both the forestry and silvoarable land uses (Fig. 4a) . Although the GHG emission from the crop and tree component in the silvoarable system was greater than for the arable system in year 1, the emissions from the silvoarable system were subsequently lower during crop production (until year 14) and emissions were almost negligible due to the cessation of cropping after year 14.
Carbon sequestered in aboveground timber (Fig. 4b ) in the forestry system was greater than in the silvoarable system, as the understorey in the forestry system was less competitive for water than the intercrops in the silvoarable system. Because carbon stored in the arable crop was assumed to be rapidly returned to atmosphere after harvest, the aboveground biomass in the arable system was assumed to be zero.
Soil erosion loss by water (Fig. 4c ) was low in all three land-uses. This was mainly because the area was 
Years
Arable system: a rotaƟon of winter wheat, winter wheat, spring barley and oilseed rape Silvoarable system: same rotaƟon as the arable system with poplar hybrids planted at 156 trees per hectare Forestry system: hybrid poplars planted at a density of 156 trees per hectare Fig. 4 Modelled environmental externalities of the arable, forestry, and silvoarable system over a time horizon of 30 years in terms of a GHG emissions, b aboveground carbon sequestration, c soil erosion, d nitrogen surplus, and e phosphorus surplus relatively flat and extreme rainfall events are relatively rare. However, the capacity of tree canopy growth to reduce the annual rate of soil erosion is evident in both the forestry and silvoarable systems. The N and P 2 O 5 surpluses (Fig. 4d , e respectively) in the arable system were notably greater than in the forestry and silvoarable systems. In the silvoarable system, N and P 2 O 5 surplus was greatest in the initial years of the rotation, but as the trees developed, their uptake of N and P 2 O 5 increased and N and P 2 O 5 surpluses were reduced.
Economic analysis
The final stage of our analysis was to assess the profitability of the three land use systems by including the economic value of the environmental externalities. Table 3 shows the annual economic value of the environmental externalities as well as the financial and economic profitability of the systems. The externality with the greatest cost was N surplus. In the arable system, a mean nitrogen surplus of about 25 kg N ha -1 was associated with an environmental cost of 186 € ha -1 y -1 . Soil erosion loss by water was the externality with the lowest economic impact; its greatest value was in the arable system where a mean annual loss of 0.4 t soil ha -1 was estimated to cause an economic impact costing 2.5 € ha -1 y -1 . Although trees are sometimes planted in Eastern England to reduce wind erosion this was not included here because the calculation of wind erosion requires a spatially dependent analysis of wind direction and tree distribution. However, it is worth highlighting that inclusion of the effect of trees on reducing wind erosion would have increased the economic value of the forestry and agroforestry systems.
The results show that both with and without grants, the arable system was the most financially profitable land-use (EAV F with grants = 559 € ha -1 y -1 ) followed by the silvoarable (EAV F with grants = 364 € ha -1 y -1 ) and the forestry system (EAV F with grants = 194 € ha -1 y -1 ). However, these results were altered when the environmental externalities were included. In this case, the economic performance of the silvoarable system (EAV E with grants = 353 € ha -1 y -1 ) was similar to that of arable system (EAV E with grants = 343 € ha -1 y -1 ) and greater than that of the forestry (EAV E with grants = 228 € ha -1 y -1 ).
Discussion
Analyses of agroforestry economics in Europe tends to focus on their financial performance relative to arable and forestry counterfactuals whilst at the same time noting that the lack of externalities in economic assessments is a gap in research that needs to be filled. This analysis advances knowledge of the overall contribution of land use systems to society by taking both a financial and economic perspective of the relative value of arable, forestry, and silvoarable systems. The estimated mean CO 2 e emission in the arable system was 2.4 t CO 2 e ha -1 y -1 . Camargo et al. (2013) estimated values for wheat, barley and oilseed rape of 1.5-2.0 t CO 2 e ha -1 y -1 . Williams et al. (2010) estimated a global warming potential for wheat of around 0.7 t CO 2 e produced t -1 , which assuming a yield of 9 t ha -1 would be equivalent to 6.3 CO 2 e ha -1 y -1 . This higher value included the contribution of N 2 O emissions and operations beyond the field-gate such as crop storage and drying. Compared to the arable system, CO 2 e emissions per hectare in the silvoarable system were reduced by 56%, but CO 2 e emissions per tonne of crop increased by 4.4% in the silvoarable system.
Mean carbon sequestration in the silvorable system (determined only as carbon stored as timber) was 4 t CO 2 e ha -1 y -1 . Palma et al. (2007) estimated values between 1.83 and 8.8 t CO 2 e ha -1 y -1 for poplar trees in a silvoarable system in the Netherlands. Compared to the forestry system, above-ground carbon sequestration in the silvoarable system was reduced by 15%. The study did not consider the effect of the silvoarable agroforestry system on belowground carbon storage. Measurements at the same site (Upson and Burgess 2013) , indicate that whilst agroforestry increased soil carbon at a depth of 20-40 cm by 0.77 t C ha -1 y -1 , relative to the arable system, the effect was not significant when greater depths were considered.
The results showed that CO 2 e emissions per hectare in the silvoarable system were lower than in the arable system but the opposite occurred when the considered units were CO 2 e emissions per tonne of crop. However, when carbon sequestration and emissions were considered together the results notably varied. In the arable system, as aboveground carbon sequestration was assumed to be zero the carbon balance did not change. However, in the silvoarable system the balance became negative, i.e. more carbon was sequestered than emitted. Thus, when carbon sequestration and emissions were considered together, net emissions per hectare and per tonne of crop were notably lower in the silvoarable system than in the arable system. Soil erosion loss by water in the three land uses was lower than 0.4 t ha -1 y -1 , a value that is relatively low compared to other areas in Europe (Panagos et al. 2015d ). This can be explained by the relatively-flat case study area and the lack of extreme rainfall events. Hence the economic cost of soil erosion at 1.5-2.5 € ha -1 y -1 was also low. Compared to the arable system, soil erosion loss in the silvoarable system was reduced by about 50%. Whilst the absolute effect was low in this case-study, on more steep slopes and in areas with more extreme rainfall, the benefits could be substantial.
Annual loss of N was the costliest environmental externality. In the arable system, the mean N loss was about 25 kg N ha -1 y -1 which is within the range of estimated annual N losses from temperate European arable systems of 10-100 kg N ha -1 y -1 (Nemeth 1996; Hoffman and Johnson 2003) . In the silvoarable system, the modelled mean annual N loss during the years when the intercrop was cultivated (0-14 years) was 4.7 kg N ha -1 , which is equivalent to an 80% reduction compared to the arable control. This was a result of a lower fertiliser rate per hectare because 20% The arable system was a rotation of winter wheat, winter wheat, spring barley and oilseed rape b
The silvoarable system was the same rotation as the arable system with poplar hybrids planted at 156 trees per hectare c
The forestry system was hybrid poplars planted at a density of 156 trees per hectare of the area was not cropped (-20%) and nitrogen uptake by the trees and grass in the tree rows. This is greater than the 37% reduction reported by Udawatta et al. (2002) in young temperate agroforestry systems. However, Udawatta et al. only reported the reduction for the first 3 years, greater reductions could be anticipated as the trees grow. In fact, when only the first 3 years of the rotation were considered, the reduction of N loss was 36% in the silvorable system, similar to that observed by Udawatta et al. (2002) . Similar reduction effects were seen in the case of P 2 O 5 loss. Whilst in the arable system, the loss was 8.0 kg P 2 O 5 ha -1 y -1 , in the silvoarable system it was 0.4 kg P 2 O 5 ha -1 y -1 for the whole rotation turn and 0.9 kg P 2 O 5 ha -1 y -1 during the years when the crop was cultivated.
There are a number of recommendations for future research that flow from this paper. As with all case study research it is important to consider that specific conditions change with location, and new analyses are likely to be required to assess the performance of competing land use systems at other sites (García de Jalón et al. 2014 ). Many environmental processes operate at a landscape scale, where surrounding topography and land uses become important, for example, having a bearing on rates of soil erosion, N and P losses into water bodies, if the plots are located far, rather than near to them. Further research could build on the results of this study through a bottom-up approach to upscale the provision and economic value of the environmental externalities at the landscape level. Detailed spatial data would be necessary to adequately conduct this upscaling. It should be noted however, that whilst modelling environmental externalities at a landscape scale is desirable for some environmental processes, it can also lead to a reduction in specific detail (Tscharntke et al. 2005; Palma et al. 2007 ). Whilst we have made good progress in quantifying and valuing a number of environmental externalities, others such as habitat for wildlife, landscape diversity, pollination services, air quality, noise reduction, need yet to be assessed. Past research has indicated that trees have the potential to improve such ecosystem services (Sing et al. 2015; Farber et al. 2002) and if these environmental externalities are included in future analyses, the economic profitability of forestry and silvoarable system may increase further relative to arable systems.
Conclusion
Based on an experimental plot in Bedfordshire in the UK, this paper modelled the financial profitability and valued the environmental externalities for an arable, silvoarable and forestry system. The results showed that the arable system was the most financially profitable land use but produced the most negative externalities. The silvoarable system whilst more profitable than the forestry system also produced greater negative externalities. The inclusion of the economic value of GHG emissions, carbon sequestration and loss of soil, N and P showed that silvoarable agroforestry provided a similar economic performance as the arable system, and a greater benefit than the forestry system. The expense of removing N and P in freshwater meant that these costs were particularly high in the arable system. Compared to arable systems, the results showed that silvoarable systems are particularly advantageous in environmental aspects. Thus giving the right price to negative externalities via policy and funding could help make the best environmental system competitive in economic terms. Overall, the results showed that planting trees in arable systems could potentially reduce nutrient surpluses and provide a large economic benefit to society. Inclusion of other environmental externalities that were not considered in this analysis but are associated to land-use activities could increase the relative value of incorporating trees in agricultural systems.
